We have reviewed the relevant issues in the exposure assessment of disinfection by -products ( DBPs ) of chlorination for epidemiological and health risk assessment. Various DBPs can be detected in drinking water and swimming pools, and the reported levels show a considerable range, but were generally below the current health standard for total trihalomethanes ( TTHMs ) ( 100 g / l ) . Relatively little information is available on the correlation between the various DBPs in drinking water and in swimming pools. Chloroform was generally, but not always, the most predominant DBP. In epidemiological studies, TTHM levels have been used as an indicator for total DBP load, even though TTHM levels do not always correlate well with individual DPBs. Factors such as residence time, temperature, pH, organic content, including humic and fulvic acid and bromide levels affect the composition and levels of DBPs. Although there are biomarkers of DBPs, mainly for chloroform and more recently for the other volatile trihalomethanes ( THMs ) and the nonvolatile haloacetic acids ( HAAs ) such as trichloroacetic acid ( TCAA ) and dichloroacetic acid ( DCAA ) , they have not been used in epidemiological studies. The THMs have been measured in exhaled breath and serum, while the HAAs have been measured in urine. These biomarkers have been useful to estimate the actual uptake of the DBPs and the relative contribution of various exposure routes. Physiologically based pharmacokinetic ( PBPK ) models exist for, e.g. chloroform, but their main target organs are the kidney and liver and they have not been used in epidemiological studies. Tap water ingestion, showering, bathing, swimming, boiling water and dishwashing are all activities that have been associated with the uptake of DBPs, and considerable variation in these activities has been observed between people. No studies have reported on the correlation between human uptake of DBPs and water -zone mean estimates, but various studies found a good correlation between THM concentrations in exhaled breath and THM concentrations in water during showering and swimming. In general exposure assessment in epidemiological studies has been limited which complicates the interpretation. These findings have implications for epidemiological studies, particularly with reference to Berkson and classical error type models, study power, attenuation and precision of health -risk estimates and study efficiency. Recommendations are made for further areas of study.
Introduction
Chlorination has been the major disinfectant process of municipal drinking water in many countries for many years despite the availability of alternative disinfectants such as ozone, chlorine dioxide and chloramines (Bull et al., 1990 ) . The added chlorine, which exists as hypochlorous acid and hypochlorite in water ( range 0.2± 1 mg /l ), reacts with naturally occurring organic matter such as humic and fulvic acids, to form a wide range of halogenated organic compounds, which were first reported just over 25 years ago (Rook, 1974 ) . These compounds are referred to as disinfection by-products (DBPs ) ( Table 1 ) . They include trihalomethanes (THMs ) , haloacetonitriles (HANs) , haloketones (HKs ), chloropicrin (CP ) , and HAAs ( Krasner et al., 1989 ) . Health research has focused on the THMs, a volatile group of compounds, which comprises chloroform, bromodichloromethane ( BDCM ) , chlorodibromo methane (CDBM) , and bromoform, as these occur in the highest quantities, and are routinely measured throughout water supplies ( at least four samples per year per water zone in the UK ) . Epidemiological studies have focused on the possible association between exposure to these byproducts, and the incidence of human cancer, particularly bladder cancer ( McGeehin et al., 1993; King and Marrett, 1996 ) and rectal cancer ( Hildesheim et al., 1998; Koivusalo et al., 1998 ) , and more recently, with adverse reproductive outcomes ( Kramer et al., 1992; Aschengrau et al., 1993; Bove et al., 1995; Savitz et al., 1995; Reif et al., 1996; Kanitz et al., 1996; Gallagher et al., 1998; Dodds et al., 1999; Klotz and Pyrch, 1999; Nieuwenhuijsen et al., 2000 ) . In a recent editorial by Swan and Waller (1998 ) and in recent reviews by Reif et al. ( 1996 ) and Nieuwenhuijsen et al. ( 2000 ) it was pointed out that the major difficulty in studying such epidemiological associations lies in the exposure assessment. Epidemiological studies require accurate, precise and biologically relevant exposure estimates, preferably a large range, which is not straightforward for DBPs as will be discussed here. We review the literature on exposure to and uptake of DBPs to date especially over on the last 10 years and focussing on the main issues in the exposure assessment (Table 2 ) . We also discuss the implications for epidemiological and health risk assessment, and make recommendations for future research.
DBP levels in drinking water and swimming pools

DBP Levels in Drinking Water
In a study of the occurrence of DBPs in 35 water utilities across the US and California, THMs were the largest class of DBPs detected, followed by HAAs (on a weight basis ) (Table 1 ) ( Krasner et al., 1989 ) . This finding has been endorsed by numerous studies including recent studies by Chen and Weisel ( 1998 ) in New Jersey and Shin et al. (1999) in Korea. Both the study by Krasner et al. (1989 ) and that of a national American survey of 727 water utilities (McGuire and Meadow, 1988 ) found a median total THM (TTHM) value of 39 g/ l, while Chen and Weisel (1998 ) and Shin et al. (1999 ) found lower levels. Studies in Canada showed a similar pattern Williams et al., 1997 ) . A study in one water company in the North of England found TTHM levels of on average 50 g/ l, with a fairly large spread in the mean of the water zones (Keegan, 1998 ) .
Chloroform is usually the most prevalent by -product compound formed, although brominated THMs can occur at high levels when waters with high bromide levels are chlorinated (Krasner et al., 1989; Chen and Weisel, 1998; Keegan, 1998; Shin et al., 1999 ) ( Table 3) . Table 1 . Disinfection by -products and highest quarterly averages as measured by Krasner et al. ( 1989 ) 
DBPs in Swimming Pools
DPBs can not only been found in drinking water, but also in swimming pools. Weisel and Shepard (1994) measured mean chloroform levels of 85 g /l in the water and 87 g/ m 3 in air in swimming pools. Lindstrom et al. (1997 ) reported chloroform levels of 68 and 73 g /l in the water. Matthiessen and Jentsch ( 1999 ) measured average THM levels of 29.7 g/ l in water and 142 g/m 3 in air in swimming pools in Germany. Slightly lower levels were measured in both air and water by Cammann and Hubner ( 1995 ) in Germany. They also measured CDBM, BDCM and bromoform, but these were much lower than the chloroform levels with a maximum of 6.51 g /l of CDBM in water and 22.4 g/m 3 for BDCM in air. In Holland, Aiking et al. (1994 ) measured chloroform water concentrations of 18.4 g /l in indoor pools and 24.0 g/l in outdoor pools. Aggazotti et al. ( 1987 Aggazotti et al. ( , 1990 Aggazotti et al. ( , 1993 Aggazotti et al. ( , 1995 Aggazotti et al. ( , 1998 conducted a series of studies in Modena, Italy and found correlations between chloroform concentrations in air and water and the number of swimmers (Aggazotti et al., 1990 (Aggazotti et al., , 1995 , and chloroform concentration in water and free and combined chlorine residual and water PH ( Aggazotti et al., 1995 ) , but these were generally only weak to moderate correlations. Kim and Weisel (1998 ) measured average dichloroacetic acid (DCAA ) levels of 419 g/l and average trichloroacetic acid (TCAA ) levels of 420 g /l in the water of three swimming pools ( Table 4 ) . Krasner et al. ( 1989 ) found a high correlation between the sum of all the disinfection by products levels and TTHM levels (r= 0.96 ), and a good correlation between the sum of non -THM disinfection by products and TTHM levels ( r= 0.76) . The correlation between TTHMs and HANs was also high ( r= 0.9) , as was the correlation between dibromoacetic acid ( DBAA ) and CDBM ( r=0.91), but the correlation between TTHMs and HKs was low ( r= 0.06) . Keegan (1998 ) reported a high correlation between TTHMs and chloroform ( r= 0.97) , but less so for TTHMs and BDCM (r =0.65 ) and TTHM and both CDBM and bromoform ( r<0.2).
Correlation Between DBPs
Determinants of DBP concentrations in water
Studies of DBPs have suggested that their formation during the chlorination of drinking water is a function of disinfection processes and chemicals, water source, pH, temperature, concentration of chlorine residual, residence time, reaction time, total or organic carbon (TOC) and bromide content ( Smith et al., 1980; Arora et al., 1997; Kuo et al., 1997; Chen and Weisel, 1998; Stevens et al., 1989; Krasner, 1999; Krasner et al., 1989 Krasner et al., , 1994 Singer, 1999 ) . DBP levels are generally much lower in ground water compared to surface water ( Arora et al., 1997 ) . Residence time in the distribution system affects the concentration of various DBPs (Stevens et al., 1989; Chen and Weisel, 1998; Krasner, 1999; Krasner et al., 1989 ) . In their study of a central New Jersey water distribution system, Chen and Weisel (1998 ) found that mean concentrations of THMs increased with increasing residence time in the system whilst mean concentrations of HANs, HKs, CP, and HAAs decreased with increasing residence time. Although these patterns were observed in both the warm and cold seasons, mean THM concentrations increased with residence time in the system by about 20% overall in the cold season whereas a larger percentage increase was observed in the warm season ( Chen and Weisel, 1998 ) .
Seasonal variation in the concentration of some DBPs has been reported by various researchers in differing locations (Smith et al., 1980; Otson et al., 1981; Krasner et al., 1989; Arora et al., 1997) . Overall, the higher temperature in the warm season and possibly differences in the type and quantity of organic matter present in the source water increased the production of TTHMs, dichloroacetonitrile, bromochloroacetonitrile, 1,1,1 -trichloropropanone and CP in the water compared with the cold season. Indeed, mean concentrations of individual THMs and TTHMs in the warm season were twice those in the cold season. For example, mean TTHM values in the cold season were 14 g/l and in the warm season 33 g /l at zero days residence time in the distribution system (Chen and Weisel, 1998 ) . Evidence to suggest that seasonal variation in THM levels is less pronounced than the above results imply, is available from a study of THM concentrations in a UK water region over a 5 -year period (Keegan, 1998 ) . Analyses indicated that seasonal variation was not consistent over the 5 -year study period and only accounted for a small proportion of TTHM variation. TTHM levels were generally lowest in the spring and highest at the end of summer and during the autumn, but the magnitude differed every year with spring concentrations in some years being higher than autumn concentrations in others. A higher pH was associated with higher TTHMs levels, but lower levels of some HAAs (Stevens et al., 1989; Krasner, 1999 ) , while higher levels of both bromide and TOC were associated with higher THM levels ( Krasner et al., 1994; Arora et al., 1997 ) . TCAA / THM ratio was higher in humic-acid -rich compared with fulvic -acid -rich waters resulting in a good correlation between specific UV absorbance ( which is higher for humic acid ) and TCAA /THM ratio ( Reckhow et al., 1990 ) .
Biomarkers of DBP uptake
Uptake of DBPs can be estimated by measuring human exhaled breath, serum or urinary concentrations of the DBPs under investigation. Exhaled breath sampling ( Jo et al., 1990b; Aggazotti et al., 1993 Aggazotti et al., , 1995 Aggazotti et al., , 1998 Levesque et al., 1994; Weisel and Shepard, 1994; Weisel and Jo, 1996; Weisel et al., 1999; LeBlanc et al., 1995; Lindstrom et al., 1997; Gordon et al., 1998; Matthiessen and Jentsch, 1999 ) , as have serum levels although to a lesser extent ( Aggazotti et al., 1987 ( Aggazotti et al., , 1990 ( Aggazotti et al., , 1995 ( Aggazotti et al., , 1998 Aiking et al., 1994; Levesque et al., 1994; Cammann and Hubner, 1995; Matthiessen and Jentsch, 1999 ) . As the concentration of a volatile compound in exhaled breath is related to its concentration in the bloodstream, it can be used as a proxy to determine changes in body burden with time. Furthermore, measurement of the concentration of chloroform in alveolar air is preferred over serum chloroform because air sampling is more practical, less invasive, and yet still allows for adequate sensitivity during low -level exposures. Simple linear regression analyses between alveolar chloroform and plasma chloroform showed a good correlation ( r= 0.91) (Levesque et al., 1994 ) . The main drawback is the fairly short biological half -life (approximately 30 min ). It is therefore important to estimate the time since last exposure. Exhaled breath techniques have also occasionally been used to estimate uptake of other THMs, but much less so than for chloroform, partly because of the lower levels present which leads to problems with detection (Lindstrom et al., 1997; Aggazotti et al., 1998; Matthiessen and Jentsch, 1999; Weisel et al., 1999 ) . TCAA and DCAA uptake has been estimated recently using urine samples (Kim and Weisel, 1998; Kim et al., 1999; Weisel et al., 1999 ) ( Table 4 ) . TCAA appeared to have a longer biological half -life ( 70± 120 h) than DCAA ( < 2 h ) and showed a fairly good correlation with ingestion exposure .
Routes of uptake of DBPs and their relative contributions to exposure
Sources and Routes of Uptake of DBPs Traditional health risk assessments often considered ingestion as the major route of exposure to potentially toxic chemicals. This practice, however, can lead to an underestimation of the total uptake and hence potential health risk. A comprehensive understanding of the nature of the agent under investigation is critical to conducting the appropriate exposure assessment, because exposure to 
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DBPs may occur through several routes and the relative importance of these routes may be different for different DBPs. For nonvolatile compounds, such as the HAAs, ingestion appears to be the major route of exposure Weisel et al., 1999 ) . However, exposure to volatile compounds present in tap water, such as the THMs, occurs not only through ingestion, but also through inhalation, and dermal absorption, e.g., during showering, bathing, swimming, boiling water and dishwashing, and studies have predicted that chloroform uptake due to inhalation and dermal absorption can be greater than through ingestion (Jo et al., 1990a; Maxwell et al., 1991; Chinery and Gleason, 1993; McKone, 1993; Levesque et al., 1994; Weisel and Jo, 1996; Lindstrom et al., 1997; Gordon et al., 1998; Lin and Hoang, 1998 ) . Jo et al. (1990a ) conducted a quantitative comparison of the concentrations of chloroform in exhaled breath after a normal shower with those after an inhalation-only shower ( with subjects wearing waterproof clothing ) . Breath concentration after (normal ) showering was approximately twice as high as that after inhalation-only exposure ( range: 6 ±21 and 2.4± 10 g/m 3 for normal showers and for inhalation -only showers respectively, with the difference between the two concentration ranges being statistically significant at p= 0.0001 ). This indicated that the contribution to internal chloroform dose by dermal exposure was approximately equivalent to that by inhalation exposure. Weisel and Jo (1996 ) concluded that inhalation and dermal exposure routes had almost identical internal doses during showering. They determined uptake of chloroform and trichloroethene through ingestion, inhalation (during showering ) , and dermal contact ( during bathing or showering ). After ingestion of chlorinated water ( 0.5 l of water containing 20 g /l) , none of the breath samples had measurable levels of chloroform. In contrast, after inhalation and dermal exposure, concentrations of chloroform and trichloroethene in the exhaled breath of each subject were elevated for extended time periods (Weisel and Jo, 1996 ) . Maxwell et al. ( 1991 ) , however, calculated that inhalation exposure was the most important route when estimating the overall health risk associated with chloroform in water supplies.
Routes of Uptake of DBPs in Shower Studies
Routes of Uptake and Determinants of DBPs in Swimming Studies
Uptake of chloroform during swimming, and the importance of the various exposure routes is documented in a few reports. Levesque et al. (1994) quantified the body burden ( based upon 11 male swimmers ) resulting from exposure to chloroform in water and air of an indoor swimming pool. A 1 -h swim was postulated to result in a chloroform dose of 65 g /kg /day, 141 times the dose from a 10 -min shower (0.46 g/ kg/day) and 93 times greater than exposure by tap -water ingestion as demonstrated by Jo et al. (1990b ) (Levesque et al., 1994 ) . Lindstrom et al. ( 1997 ) estimated that the dermal route of exposure accounted for 80% of the blood chloroform concentration during swimming. Aggazotti et al. ( 1987 Aggazotti et al. ( , 1990 Aggazotti et al. ( , 1993 Aggazotti et al. ( , 1995 Aggazotti et al. ( , 1998 conducted a series of studies in Modena, Italy and reported that competitive swimmers showed higher chloroform plasma levels than noncompetitive swimmers and visitors and that they were related to chloroform concentrations in water (r s = 0.48 ) and air (r s = 0.74 ), the number of swimmers (r s = 0.18 ), the time spent swimming (r s = 0.57) and the intensity of the sport activity ( 5.7% of explained variance) (Aggazotti et al., 1990 ) . Aggazotti et al. ( 1993 ) found a correlation between alveolar chloroform levels and environmental air levels (r =0.90) and age (r= À 0.31 ), but not with water chloroform levels, and found that intensity of sport activity explained 5.1% of the variance in the alveolar levels. Aggazotti et al. ( 1995 ) found a correlation between chloroform levels in plasma and number of swimmers (r s = 0.32 ), time spent swimming (r s = 0.57) , chloroform levels in water (r s =0.48) and chloroform levels in environmental air (r s =0.74) , while 4.7% of the variance in plasma levels was explained by the intensity of physical activity. They also reported a correlation between chloroform levels in alveolar air and environmental air levels (r =0.91) and age (r = À 0.31 ). Aggazotti et al. (1998 ) reported an average chloroform uptake of 25.8 g /h (range 22 ±28 g/ h) at rest and 176.8 g /h (134 ±209 g/ h) after 1 -h swimming. Lower levels of uptake were reported for CDBM and BDCM. The authors noted that the possibility of exposure through drinking water was excluded since Modena is supplied with drinking water treated with chlorine dioxide. In addition, Aiking et al. (1994 ) , Weisel and Shepard ( 1994 ) , Cammann and Hubner ( 1995 ) and Matthiessen and Jentsch ( 1999 ) recorded considerable uptake of chloroform during swimming.
Effect of Temperature on Uptake
The possibility of a seasonal variation in THM concentrations in the water-distribution system has been previously discussed. Generally, however, estimates of exposure and risk have assumed that the concentration of THMs in hot water is equivalent to that in cold water and that no reactions of the residual chlorine with organic matter occurs once the water enters the home. Heating of water accelerates the formation of a number of chlorination by -products if a chlorine residual is present ( Weisel and Chen, 1994 ) . A doubling of THMs was observed in water heated to 658C for 8 h, which is the period typical of what might occur in a household water heater before a morning shower ( obviously excluding electric power showers which heat water as and when required ). This would increase the inhalation and dermal exposure and risk associated with showering, by 50% above what would be calculated using the concentration in cold water. In contrast, concentrations of HANs and halopropanones, were found to have decreased to nondetectable levels in the water following heating for 8 h ( Weisel and Chen, 1994 ) .
Support for this apparent effect of temperature on THM concentrations and, therefore, exposure via dermal and inhalation routes is readily available from a bathing experiment. Dermal absorption during bathing was calculated to be 30 times higher in water at 408C than in water at 308C (Gordon et al., 1998 ) and water temperature was found to have a dominant effect on the total release of chloroform and trichloroethylene from shower water to the air (Giardino and Andelman, 1996 ) .
It is important to note that the effect of temperature on THM concentrations is relevant to ingestion as well. People do not just drink cold water from the tap but also from canned beverages and hot drinks. These nuances in the form the water is consumed can make a considerable difference to exposure levels. For example, Kuo et al. ( 1997 ) detected a significant decrease in volatile organic compound concentration after household drinking water in metropolitan areas in Taiwan was boiled. For example, THM concentrations ranged from 37.61 to 104.12 g/l ( SD, 21.63 to 38.67 g /l ) before boiling as compared with 7.44 to 21.30 g /l (SD, 11 to 37.23 g /l ) after boiling. Whilst temperature has an important effect on THM concentrations, it is apparent that a simple characterisation of this effect cannot be made.
Inhalation of THMs is not only possible during showering, bathing and swimming as described above, but also during dishwashing and cooking, more precisely boiling water ( Lin and Hoang, 1998 ) . Lin and Hoang ( 1998 ) estimated that the mean inhalation estimates of THMs for showering, dishwashing and water boiling were 44.9, 1.7 and 5.7 g /day respectively. The total inhalation exposure was found to be comparable with that for ingestion.
Uptake of HAAs
The uptake of the nonvolatile HAAs such as TCAA and DCAA, which also have low skin permeability and dermal absorption, occurs mainly through ingestion as some of the few recent studies have shown . Weisel et al. (1999 ) found a strong correlation between estimated ingested exposure and TCAA in urine ( r= 0.81) , but not for estimated ingested exposure and DCAA ( r= À 0.1) for a group of people that did not work outside the home. The probable reason urinary DCAA was not correlated with its estimated exposure is its short biological residence time ( < 2 h ) compared to the time interval between urinations and the use of a 48 -h time frame to calculate the ingestion exposure .
Relationship Between DBP Water Levels and DBP Biomarker Levels Jo et al. (1990a ) found a good relation between chloroform tap water concentrations and exhaled breath concentrations during showering (r =0.9) , while Levesque et al. (1994 ) found good correlation between chloroform concentration in the water and in exhaled breath (r =0.93 ), and between chloroform concentrations in the air and in exhaled breath (r =0.77) at the end of a 55-min swimming session. Weisel et al. (1999 ) found good correlations between chloroform, BDCM, CDBM and bromoform drinking water concentrations and chloroform ( r= 0.88) , BDCM ( r= 0.86 ), CDBM (r =0.81) and bromoform (r= 0.99 ) levels in exhaled breath 5 min after showering, but the correlation was almost nonexistent 20 min after showering except for chloroform (r =0.83) . This lack of correlation might be due to the very low levels (near detection limit ). There was no significant correlation between TCAA and DCAA water concentrations and TCAA and DCAA urinary excretions, although, as mentioned before, there was significant relation between estimated TCAA ingestion exposure and TCAA urinary excretions. Aggazotti et al. (1987 Aggazotti et al. ( , 1990 Aggazotti et al. ( , 1993 Aggazotti et al. ( , 1995 Aggazotti et al. ( , 1998 conducted a series of studies in Modena, Italy in swimming pools and correlations between water and air concentrations and biomarkers were reported above.
Patterns of water consumption, showering and swimming
A few American studies have estimated water-consumption patterns and time spent showering or bathing using data from the US Department of Agriculture's 1978 National Food Consumption Survey ( Ershow et al., 1991; Burmaster, 1998a,b ) . The results showed little differences in average tap water consumption between pregnant and nonpregnant women, but a slightly higher consumption in lactating women. However, they also showed a fairly large distribution in tap -water consumption with marked differences between the highest and lowest percentiles of women. Shimokura et al. ( 1998 ) estimated the waterconsumption patterns and time spent showering, bathing and swimming in pregnant women and their partners using questionnaires and 3 -day diaries. They found differences of 50± 100% in home tap -water consumption between working and nonworking women. They also found a positive correlation between the questionnaire and the diaries (r = 0.78 for water intake, r =0.68 for showering, and r =0.78 for bathing ). UK water-consumption studies have found relatively small differences between regions, socioeconomic classes and gender ( < 25%, and more general, approximately 10% ) and larger differences between age groups in the types and amounts of drinks people consume, but no separate analyses were undertaken for pregnant women (Hopkins and Ellis, 1980; M.E.L Research, 1996; DWI, 1998 ) . Of interest is the large proportion of people who did not drink tap water directly (20 ±30% depending on region) ( DWI, 1998 ) . In general, in the UK people shower or bath on average 0.5± 1 times a day for around 5± 10 min. In the Netherlands, Groot -Marcus et al. ( 1995 ) observed an average shower frequency of 0.6 per day with an average duration of 5 min. Achttienribbe ( 1993 ) reported an average of 0.63 showers and 0.17 baths. In the UK, 13% of people reported swimming in the last month while 35% reported swimming in the last year (Taylor and Kwok, 1998 ; Sport England /UK Sport, 1999) .
Physiologically based pharmacokinetic modeling
Physiologically based pharmacokinetic (PBPK ) models have been used to model the relative uptake from various exposure routes and the distribution of chloroform in the body (Corley et al., 1990; Blancato and Chiu, 1993; Chinery and Gleason, 1993; McKone, 1993; Georgopoulos et al., 1994; Smith and Evans, 1995 ) . The main target organs were generally the kidney and liver. Corley et al. ( 1990 ) developed a PBPK model for chloroform and obtained information on the various parameters such as blood:air ( 7.4) , fat:blood (37.7 ), slowly perfused tissue:blood (1.6 ), rapidly perfused tissue:blood ( 2.3 ) partition coefficients, maximum rate of metabolism (307.0 mg /h) and Michaelis ± Menten constant for metabolism (0.448 mg /l ), which were later used by other studies. Blancato and Chiu ( 1993 ) applied PBPK modelling to examine the biologically effective dose resulting from exposure to chloroform in water. They predicted that for the same amount of uptake of chloroform, ingestion results in a higher dose of chloroform to the liver, but inhalation and dermal exposure result in more chloroform circulated throughout the body, and to other organs such as the bladder.
Chinery and Gleason ( 1993 ) applied a PBPK model to predict exhaled breath concentrations while showering. The estimated skin ± blood partitioning coefficient was 1.2 when the degree of transfer of chloroform from shower water into shower air was 61%. The stratum corneum permeability coefficient was estimated to be 0.2 cm /h, ranging from 0.16 to 0.36 cm / h. The estimated ratio of the dermal and inhaled uptake was 0.75, ranging between 0.6 and 2.2. McKone (1993) developed a PBPK model to estimate chloroform uptake. The analysis indicated that the ratio of chloroform dermally absorbed in the shower relative to tap -water concentration is between 0.25 and 66 mg per mg /l and that the permeability of the skin during a 10 -min shower is between 0.16 and 0.42 cm /h. It was also found that, for dermal and inhalation exposures in the shower and under conditions of linear metabolism, the ratio of metabolised Table 5 . Exposure indices used in reproductive epidemiological studies.
Study Exposure indices
Water source and water treatment Aschengrau et al. ( 1993 ) Based on maternal residential address to ascertain type of water supply, chlorination vs. chloramination, and ground / mixed water vs. surface water. Kanitz et al. ( 1996 ) Based on maternal residential address to ascertain type of water source, chlorine dioxide and / or hypochlorite vs. not treated.
Magnus et al. ( 1999 ) Chlorination yes vs. no, colour high vs. low
Routinely collected THM water measurements ( including some modelling) Kramer et al. ( 1992 ) Based on maternal residential address and one municipal water survey to estimate individual THM levels in water ( two or three exposure categories ) . Bove et al. ( 1995 ) Based on maternal residential address and municipal water surveys to estimate monthly TTHM levels ( five or six exposure categories ) Gallagher et al. ( 1998 ) Based on maternal residential address and municipal water surveys. Estimate of household TTHM level during last trimester based on hydraulic modelling ( four exposure categories ) Dodds et al. ( 1999 ) Based on maternal residential address and TTHM levels for public water facilities ( three sampling locations ) modelled using linear regression on the basis of observations by year, month and facility ( four exposure categories )
Routinely or specially collected THM and other DBP water measurements combined with information on personal exposure Savitz et al. ( 1995 ) Based on maternal residential address and quarterly municipal water surveys to estimate average TTHM levels. Analysis of ( a ) surface vs. ground water source, ( b ) TTHM levels, ( three exposure categories ) , ( c ) consumption during pregnancy, ( d ) water sourceÂamount, ( e ) TTHM dose ( levelÂamount ) Waller et al. ( 1998 ) Based on maternal residential address and quarterly municipal water surveys to estimate average TTHM and individual THM levels. Analysis based on ( a ) THM levels ( 3 or 10 exposure categories ) , ( b ) consumption during first trimester from interview ( two exposure categories ) Klotz and Pyrch ( 1999 ) Based on residential address and public water facility TTHM data, and tap water sampling for TTHMs, HANs and HAAs ( three to five exposure categories )
Chlorination disinfection by-productsdose to water concentration is in the order of 0.41 mg per mg / l. Roy et al. ( 1996 ) developed a distributed parameter PBPK ( DP -PBPK ) model to reconstruct short -term multiroute exposure, which describes unsteady state dermal flux using a partial differential equation (Fickian diffusion) for inhalation and dermal absorption and compared it to two simpler models of chloroform. The models were evaluated by comparing simulated postexposure exhaled breath concentration profiles with measured concentrations. The DP -PBPK model predicted a time -lag in the exhaled breath concentration profile, consistent with the experimental data, and a significant volatilization of chloroform for a simulated dermal exposure scenario. Overall though, the net dermal dose of chloroform predicted by all three models was nearly the same, even though the other two models did not predict substantial volatilization.
Exposure indices used in epidemiological studies of DBPs and reproductive outcomes
The reproductive epidemiological studies that have been carried out so far can be categorised into three groups according to the exposure indices they have used (Table 5 ) . Three studies used water source and treatment as their exposure index ( Aschengrau et al., 1993; Kanitz et al., 1996; Magnus et al., 1999 ) . These studies did not include any information on personal exposure characteristics. Four studies used routinely collected THMs or models based on routinely collected THMs as an exposure index at waterzone level without including any information on personal exposure characteristics (Kramer et al., 1992; Bove et al., 1995; Gallagher et al., 1998; Dodds et al., 1999 ) . Three studies used routinely collected THMs and/or information on personal exposure characteristics (ingestion, and some showering /bathing and swimming ) as exposure indices ( Savitz et al., 1995; Waller et al., 1998; Klotz and Pyrch, 1999 ) . Five studies used TTHMs as the exposure index ( Bove et al., 1995; Savitz et al., 1995; Gallagher et al., 1998; Dodds et al., 1999; Klotz and Pyrch, 1999 ) while two studies used individual THMs as the exposure indices ( Kramer et al., 1992; Waller et al., 1998) . Only one study used other HAAs as one of the exposure indices ( Klotz and Pyrch, 1999 ) . None of the studies reported the use of PBPK modelling to obtain dose estimates.
Discussion
Epidemiological studies require accurate, precise and biologically relevant exposure estimates, preferably with a large range that, as can be seen from the review, makes the exposure assessment fairly challenging. There are many different DBPs and uptake of DBPs occurs through various activities and exposure routes. Routinely collected THM data are often available, models are being developed, but information on personal exposure needs to be collected. Inaccurate and imprecise exposure estimates may lead to loss of power, precision and attenuation in health-risk estimates, depending on the type of error model (Thomas et al., 1993; Nieuwenhuijsen, 1997; Armstrong, 1998 ) .
Researchers generally have to perform some cost ± benefit analysis when it comes to choosing an exposure estimate for an epidemiological study. Improving the accuracy of the exposure estimate will generally improve study power and the accuracy and /or precision of the effects of the exposure, but it is likely to come at a financial cost (Armstrong, 1996 ) . For example, personal exposure assessment such as biomonitoring of exhaled breath or urine may provide a much more accurate exposure estimate for each study subject than a group estimate such as a water-zone mean estimate, at least when a sufficient number of samples are taken. However it may come at a financial cost that is also considerably higher, and may be well out of reach of the study. Relative large sample sizes may be needed for epidemiological studies of birth outcomes, for example for prospective cohort studies, given that many of the outcomes of interest are rare. Case ± control studies may require fewer subjects, but the biomonitoring needs to take place after the relevant exposure period and is therefore likely to be less informative than in other study designs with a retrospective exposure assessment. Questionnaire data are also likely to be less accurate than in a prospective design. An important consideration is also whether the study sets out to find an association between a DBP and a certain outcomes, or, in addition, it also attempts to quantify the exposure /dose ± response relationship, if any. In addition, one should keep in mind any policy implications, in particular risk management. DBP water-zone levels can be regulated while, for example, personal activities cannot be. So what would be an efficient exposure assessment design? Would a study with a small number of subjects and a very accurate exposure estimate, e.g., a biomarker in urine be as efficient and informative as a study with a large number of subjects and with a less accurate exposure estimate, e.g., waterzone estimate? Some epidemiological studies have used water-zone estimates, based on routinely collected THM measurements and /or models, as exposure index ( Kramer et al., 1992; Bove et al., 1995; Gallagher et al., 1998; Dodds et al., 1999 ) . Others have used water-zone estimates in combination with personal-exposure characteristics ( Savitz et al., 1995; Waller et al., 1998; Klotz and Pyrch, 1999 ) . Some questions have been raised on the interpretation of healthrisk estimates ( e.g., odds ratios and relative risks from exposure± response relationships estimating the risk per unit exposure) when using only the mean THM estimates of the water zones as an exposure index. It was suggested that information on personal uptake of THMs is needed to interpret, or improve the interpretation of, health-risk estimates because of possible exposure misclassification .
In epidemiological studies using personal estimates, the variability in these personal activities may lead to measurement error, and therefore attenuation of health-risk estimates, under the so called classical error model ( Armstrong, 1998 ) . Under the classical error model the average of many replicate measurements would equal the true exposure and the degree of attenuation is equal to the coefficient of reliability. Attenuation is less likely to occur when a group estimate such as the mean estimates of water zones are used because the Berkson error model may apply. The Berkson error applies when an approximate exposure ( proxy ) is used for many subjects in the study; the true exposures vary randomly about this proxy ( Armstrong, 1998 ) . In linear, and often in log -linear models, Berkson error is generally unlikely to lead to attenuation in healthrisk estimates, only to less precise ones, which may reduce study power ( Armstrong, 1996 ( Armstrong, , 1998 Steenland et al., 2000; Zeger et al., 2000 ) . The efficiency in this case is equal to the proportion of variance of personal uptake explained by water-zone means, i.e., the square of the correlation between personal uptake and water-zone mean (Armstrong, 1996 ) . On an individual level, Weisel et al. (1999 ) found a strong relation between concentrations of chloroform in water and exhaled breath shortly after showering, suggesting the former is an important determinant of the latter, but no relation between TCAA in water and urine. However, they found a fairly good relation between TCAA in water and urine when they included water-ingestion patterns, suggesting that ingestion patterns are an important determinant, which is essential information for the design of epidemiological studies including power calculations. On the other side, it is unclear if this is similar on a group level. As far as we know, no information is available on the proportion of the variance in personal uptake that can be explained by the water-zone means. What is the likely relation between water-zone mean and personal uptake?
Activities such as ingestion of tap water, and dermal absorption and inhalation during showering, bathing, dishwashing and swimming differ from person to person, but the mean and distribution are likely to be fairly similar on a population level, e.g., by water zone. In the UK, the population mean estimates of tap -water ingestion by geographical area or by socioeconomic status differ by no more than 25% and generally less (10% or less ). The percentage of people drinking tap water differs little by geographical area ( approximately 10% at the most ) although is more common in the lower socioeconomic classes ( M.E. L Research, 1996; Hopkins and Ellis, 1980; DWI, 1998 ) . There are differences between gender and particularly age groups, but these are not important for birth outcome research, unless paternal exposure is implicated. There is little data on the variation in the frequency and duration of showering, bathing and swimming, but large differences are unlikely. Most people shower or bath once every 1 or 2 days with a similar duration and few swim (Achttienribbe, 1993; Groot -Marcus et al., 1995; Shimokura et al., 1998; Taylor and Kwok, 1998; Sport England / UK Sport, 1999 ) . The difference between water-zone means ( e.g., < 20 vs. 60 g/l or more ) may well be much larger than the differences in personal activities, and may therefore be one of the main determinants of personal uptake. A detailed exposure assessment study should be carried out to confirm or refute this.
When using the water-zone estimates, issues that are cause for concern are the mobility of the cohort members between water zones (or any exposure index used ) , the accuracy and precision of the water-zone mean estimate, and any variation in the composition of the TTHM estimate, which includes the issue of the use of TTHM or individual THM as marker for other disinfection by products, e.g., HAAs. The first two are likely to lead to attenuation in health -risk estimates, while the last one will improve the interpretation. Mobility from zone to zone, which could for example be caused by the home and workplace being in different water zones should therefore be estimated and adjusted for in the epidemiological analysis (Armstrong, 1998 ) . The accuracy and precision of the water-zone estimates are likely to be low when based on only four measurements and therefore should be improved by modelling techniques, including, e.g., regression modelling, and water supply or hydraulic modelling taking into account determinants of DBP levels and composition. The composition of disinfection by products ( e.g., ratio of THMs / HAAs and brominated /nonbrominated ) can differ depending on, e.g., the total organic compound (TOC) and bromide levels, pH, temperature, fulvic or humic acid content and residual time (Krasner, 1999) . Krasner ( 1999 ) hypothesised that the different findings in recent studies in California , North Carolina (Savitz et al., 1995) and Canada (Dodds et al., 1999 ) may be a result of the different composition of the DBPs in water, with California having a relatively high level of brominated DBPs and Canada a relatively low level and North Carolina in between. Relatively little information is available on the composition of DBPs by geographical area, in particular in the UK. This information is needed when routinely collected THMs are used as marker for the TTHM load, and studies should be carried out determine the composition.
As indicated before, when personal estimates of exposure are used in epidemiological studies, measurement error and attenuation in health-risk estimates are likely, particularly when there is substantial within-subject variability and a limited number of measurements is obtained. Repeated measurements could be obtained, at least in a subset of the population, to improve the exposure estimate, or to estimate the within -and between -subject variance, which will enable the estimation of attenuation in health -risk estimates ( Armstrong, 1998 ) . In the case of water consumption, daily water consumption questionnaires showed that the largest proportion in the variation in consumption is explained by differences between individuals ( ICC =0.61) , but that there are differences between full -time employed ( ICC = 0.42) and part -time or less employed (ICC = 0.81 ) women ( Shimokura et al., 1998 ) . As far as we are aware, no repeated measurements have been reported for biomarkers, and a study to determine the within and between subject variance in uptake is needed. Well validated biomarkers should be used, that are easy to obtain and have a long enough biological half -life, e.g., chloroform as a marker for volatile DBPs and TCAA as a marker for nonvolatile DBPs. It is important to note that the use of biomarkers is generally labour intensive and expensive and such studies should be well planned and have an efficient design.
Classical and Berkson error models represent two extremes of a continuum, and may not be as clear cut as presented here. Most exposure errors combine elements of each. Water-zone estimates have been combined with personal exposure information, which may make the health-risk estimates at times more difficult to interpret, if a clear understanding is not achieved as to the effect of the various exposure errors. It may even be more difficult when exposure categories are formed from continuous measurements, since this may in certain cases lead to a reversal of the true direction of an exposure ±response relationship (Flegal et al., 1991; Brenner and Loomis, 1994) .
Accurately and precisely estimated mean THM water-zone estimates may be a valid and useful index of exposure for epidemiological studies of reproductive health outcomes. They are most likely to be the far cheapest option in financial terms, particularly since they are commonly available. However, uncertainties remain in the interpretation of the health -risk estimates unless further work is carried out validating the assumptions that have to be made, and the relationship between personal uptake and water-zone mean estimates. This can be done in small -scale exposureassessment studies.
If we want to use personal exposure estimates, it is unlikely that we will ever be able to measure the DBP uptake of every subject in an epidemiological study, given the time and cost involved, although some crude indicator ( approximate) may well be within reach of most studies. Study power can be optimized by balancing sample size and exposure approximation or accuracy (Armstrong, 1996 ) . It is likely to be more efficient to develop models of uptake in a subset of the population, Table 6 . Specific areas for further DBP research.
Water -zone means as exposure index
Within and between variance in DBPs in tap water sampling points within water zones to determine the validity of water -zone means as marker for tap concentrations in the water zone.
The validity of TTHM as marker of total DBP load, including the ( a ) composition of DBPs in previous and current epidemiological study areas, ( b ) the determinants of the level and composition, ( c ) correlation between various DBPs
Refinement of hydraulic kinetic model that can predict DPB concentrations at tape Improved statistical techniques to estimate water -zone means and variability using a limited number of samples per water zone The correlation between water -zone mean and personal uptake of DBPs
Estimating mobility between water zones
Personal exposure estimates as an exposure index Development and validation of water consumption and activities ( e.g., showering, bathing, swimming ) questionnaires
Validation of existing biomarkers, particularly for TCAA ( including effect of other substances ) and development and validation of new biomarkers, particularly for those where they are none and new techniques such as adducts Estimation of within and between subject variance in DBP exposure and uptake, including the variation in exposure route, biomarkers and questionnaire data
Determinants of DBP exposure and uptake, in particular to identify the main ones that can be used in epidemiological studies
Correlation between DBP exposure and uptake
Estimating the effect of adding water consumption and activities information on the relation between DBP exposure and uptake.
Correlation between DBP uptake and potential confounders Development and validation of a PBPK model specifically for reproductive outcomes
General
Possible gene ± environment interactions using routinely collected data, questionnaires, biomarkers and PBPK modelling, and use these to model the uptake in the wider population under study. Major determinants of uptake should be identified in the models, keeping in mind that they need to be able to be assessed in the wider population, and be fed back into the model to obtain an estimate for each subject in the study. Potential candidates are routinely collected data (e.g., THMs, pH, TOC) and data that can be easily assessed by a short questionnaire ( frequency and duration of DBP -related activities ) . Epidemiological study sample size required can be estimated using the variance in uptake explained by these determinants ( Armstrong, 1996 ) . This is likely to keep the costs down, even though they can still be quite expensive. A design with repeated exposure and biomarker measurements of various volatile and nonvolatile DBPs to estimate within-and between-subject variation, information on determinants of exposure and uptake, and use of PBPK models would make a significant contribution to an epidemiological study and our current knowledge. The sample size would need to be determined by statistical considerations and available funding. Table 6 indicates some specific areas for further research that would help the interpretation of epidemiological studies.
